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“(Ecologists) recommendations, when problems arise, tend to favor the preservation of nature, or to favor management programs that optimize only the biological side of the problem. It is not surprising that man, in self-interest, has usually chosen instead the recommendations of the economist or engineer, who is trained to optimize the human side of the problem.” (Smith 1968, p. 11) 
Acknowledgement: We are grateful to two referees for valuable comments that markedly improved the paper. 

Human production and consumption activities critically depend on a continued flow of ecosystem services, but the services are threatened by the immense scale of the activities (Millennium Ecosystem Assessment 2005). We have transformed 50% of Earth’s ice-free land surface to agricultural and urban usage (Chapin et al. 2000), and have appropriated 54% of the available fresh water (Postel et al. 1996) and 40% of vegetation’s net primary production (Vitousek et al. 1986). There are no marine areas that are unaffected by human activity, with 41% of marine areas strongly affected (Halpern et al. 2008).  These realities create challenges that current national and international institutions are hard pressed to manage effectively (Walker et al. 2009). 
Nonetheless, one response to the challenges is ecosystem-based management (EBM) that moves the management focus from single-species to multispecies assemblages, and from isolated drivers of change to all environmental and human impacts (MEAM 2008). EBM broadens the scope of traditional economic models that often are restricted to optimizing net benefits over a single provisional ecosystem service, usually harvests, or a single cultural ecosystem service, usually willingness to pay for conservation of a species. Ultimately, the goal of EBM would be to optimize net benefits over a suit of provisional, cultural, regulating and supporting ecosystem services, which would entail understanding detailed ecological tradeoffs across species. EBM is an often stated national goal for fisheries (Convention on Biological Diversity, 2000; National Research Council 2007), and numerous advisory panels have recommended the use of EBM practices that incorporate both ecological and economic factors (Pikitch et al. 2004).  There is also an active alliance of several dozen government agencies, universities and NGOs whose goal is to develop and implement EBM tools (http://www.ebmtools.org/).  

The objective of this paper is to provide a brief history of EBM, to contrast ecological and economic views of EBM, and finally to outline a different approach to EBM. Although both the history of ecological versus economic views, and the 1968 quote cited at the outset of this essay, suggest that common ground may be lacking, more recently the views have moved the two disciplines have moved closer through ongoing studies that integrate ecology and economics. 
The different approach to EBM presented here is an example of integration and brings out many of the main points that have dominated the history of EBM. The ecological portion of the approach is built on the behavior of individual organisms that can be merged with economic objectives.  Most of the extant integrated models contain a small number of species which is useful for obtaining analytical results or drawing sharp conclusions for a limited portion of an ecosystem. However, as in economics where general equilibrium analysis is sometimes necessary to capture interaction between markets that partial equilibrium analysis cannot, modeling ecology sometimes requires a broader suite of species to understand interactions that are not forthcoming with a few species. With that in mind, an eighteen-species food web of an Alaskan marine ecosystem is used to illustrate the integrated approach. The Alaskan marine ecosystem is well studied, heavily harvested, a tourist destination, and provides an ongoing example of EBM (Witherell 2000).  A general equilibrium ecosystem model (GEEM) that describes the species relationships and population dynamics for the eighteen species is used to generate population data. The population data from GEEM is used to derive a vector autoregression (VAR) representation of the species dynamics. VAR provides a linear dynamic population model for the eighteen interactive species, or a reduced form of GEEM referred to as R-GEEM. 
Given the dynamics, the economic problem is to optimize net benefits from multiple ecosystem services. Five species, all of which are predators and four of which are prey, are optimally harvested under alternative management scenarios including single species, multispecies and EBM. Under the former two regimes, net benefits derive from the value of harvests only. Under EBM, net benefits derive again from harvests, in addition to non harvest values that are assigned to other species. The harvested species are examples of provisional ecosystem services, but the non harvest values could arise from cultural, supporting or regulating services. Because R-GEEM tracks all harvested and non harvested species populations as harvesting proceeds, tradeoffs can be seen across the various services. Tradeoffs across species and services are an increasingly important part of renewable resource economics (see, e.g.s, Regev et al. 1998; Nalle et al. 2004; Finnoff et al. 2008; Kellner et al. 2010). 
I. Roots of EBM 
Successful EBM requires cooperation among diverse groups including social, biological and physical scientists, managers, the resource users and any other significant stakeholders. Here we consider mainly the sciences, and in particular we focus on the roles occupied by ecology and economics. With respect to ecology, EBM requires understanding the complex interactions of many species, but most early work by ecologists tended to favor specialization in particular organisms. In the early 1930s, Shelford (1933) called for the study of ecosystems as complex assemblages of species, and claimed that assemblages unmodified by humans have greater value than individual species. Nevertheless, in the ensuing decades ecosystems served more as the background for studies that concentrated on individual ecosystem components (Smith 1968). Grumbine (1994) summarized some of the unsuccessful attempts in the 1940s and 1950s to base resource management in land-scape level ecology. It was not until systems analysis and high-speed computers became available that the study of ecosystems as a unit could become a reality (Smith 1968). In the 1960s the International Biological Program (IBP) was formed to understand the interactions among components of complex ecosystems, to improve the ability to predict the effects of human impacts, and to explore human behavioral adaptations (Smith 1996). In 1967 the United States began a seven year effort as a participant in the IBP.  (McIntosh (1980) identified the IBP as the first major effort to examine large-scale integrated ecosystems and credited it with developing systems models; alternatively, the IBP was criticized for falling short of its goals (Boffey 1976). 
Understanding ecosystems may be a prerequisite for EBM, but also necessary is convincing policymakers that ecosystems ought to be the foundation of management. Caldwell (1970) was an early advocate for submitting ecosystems to management, pointing out that American public land policy is based in legal, economic and political terms with no recognition of ecological considerations. He described the implications of an ecosystem approach, and touted as a good beginning the 1970 National Land Use Policy Act (NLUPA) which was being proposed in the U.S. Congress at the time. Sponsored by U.S. Senator Jackson, the NLUPA was meant to correct perceived deficiencies in the National Environmental Policy Act adopted in 1969 (Nolan 1996). Jackson believed NEPA would not do enough to coordinate local, state and federal agencies, and that the NLUPA was needed because it would call for managing entire geographic areas and environmental systems. A large majority in the Senate approved the NLUPA, but it failed in the House of Representatives and eventually died when other political issues rose to the forefront. 

As these early unsuccessful activities suggest, the idea of managing ecosystems at a large scale and integrated with physical and socio-economic considerations is not new. But the need for successful EBM became ever more apparent by the 1980s.  The Bruntland Report (1987) indicated that the world was living beyond its ecological means and in defining and discussing sustainable development it anticipated EBM: “… most renewable resources are part of a complex and interlinked ecosystem, and maximum sustainable yield must be defined after taking into account system-wide effects of exploitation.” (42/427) By the 1990s, numerous commissions and international conferences were addressing the critical role of ecosystems in delivering indispensable services to satisfy human needs. The 1992 United Nations Conference on the Human Environment and Development highlighted biological/socio-economic management in the well-publicized Rio Declaration.  Also in 1992, the world community established the Convention on Biological Diversity (CBD) whose purpose was to assure the sustainable use of biodiversity. The Conference of the Parties, the governing body of the CBD, has held ten meetings to date and established a series of targets for biodiversity conservation. Unfortunately, the targets remain largely unmet and the target dates have been redefined for 2020. However, on the positive side, following up on the most recent 2010 CBD meeting in Nagoya, Japan, the U.N.  General Assembly created an Intergovernmental Platform on Biodiversity and Ecosystem Services (IPBES). Modeled after the Intergovernmental Panel on Climate Change, the IPBES aim is to initiate a global response to the biodiversity loss in economically-important forests, coral reefs and other ecosystems. 
 
Meanwhile, in the U.S., public land agencies essentially moved from a regime of integrated resource management to EBM. The agencies that have adopted EBM include the U.S. Forest Service (USFS, Thomas 1996), the Bureau of Land Management (BLM, Dombeck 1996) and the U.S. Fish and Wildlife Service (USFWS, Beattie 1996). Loomis (2002) provides an excellent history of the land agencies and their transformation; he indicates that EBM takes integrated resource management a step further by considering larger geographic regions and multiple land-ownership types. Loomis identifies a 1995 Memorandum of Understanding to Foster the Ecosystem Approach signed by 14 federal departments and agencies as a big step toward institutionalizing EBM. Nevertheless, as these agencies were committing to EBM, basic understanding including definitions of EBM were still being thrashed out in the scientific community (Christensen et al. 1996).

In marine fisheries harvesting historically was based on single-species models (National Research Council 1996), although by 1987 EBM was seen as a necessary tool because the harvested species were often in predator-prey or competitive relationships. “Just as most species are not harvested in isolation, they cannot be managed in isolation. The manager must understand inter-species relationships if he is to manage interrelated fisheries.” (Evans 1987, p. iii)  Even so, marine EBM lagged behind its terrestrial counterpart (NRC 1996, McLeod and Leslie 2009). The idea that in managed fisheries it is not only the harvested species that matter, but non harvested species and habitat are also important found its way into the 1996 amendments to the Magnuson-Stevens Act which defined ‘essential fish habitat.’ Before the turn of the century, management of US fisheries was moving to EBM (National Marine Fisheries Service 1999, NRC 1999). The high profile report from the Pew Oceans Commission (2003) and an expansive report from the U.S. Commission on Ocean Policy (2004) both highlighted EBM as one of their main themes: “A stronger, more effective, science-based and service-oriented agency is needed – one that works with others to achieve better management of oceans and coasts through an ecosystem-based approach.” (U.S. Commission, p. 10). Building on these two reports, the Interagency Ocean Policy Task Force (2010) made EBM a central part of their recommendations for new stewardship of the U.S. oceans, coasts and Great Lakes.  In summary, there seems to be an international consensus that EBM is how species and ecosystems, and the ecosystem services they deliver, should be administered in the future, although to date there are probably more studies calling for rather than actually doing EBM. 
II. Ecology and Economics
As the brief review above suggests, the early calls for EBM were mostly within the ecology literature, with virtually no discussion in the economics literature.  For economists to get on board there needed to be some link between ecosystems and their value to humans. Ehrlich and Mooney (1997) trace the earliest link that described ecosystem function as delivering vital ecosystem services to humans in a 1970 report Study of Critical Environmental Problems, subsequently expanded on by Holdren and Ehrlich (1974).  The link is now nicely summarized in the Millennium Ecosystem Assessment (MEA, 2005) schematic: 
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Solid arrows indicate causal relationships, and we have appended the dashed arrow to indicate ecosystem externalities (Crocker and Tschirhart 1992) that feedback from drawing on services to the biodiversity base. Biodiversity is the source of ecosystem function (matter and energy flows, ecosystem stability) that delivers supporting ecosystem services (e.g., primary production, soil formation, nitrogen and carbon cycling), regulating ecosystem services (e.g., climate regulation, water purification), provisioning ecosystem services (e.g., food, wood, fuel), and cultural ecosystem services (e.g., recreation, aesthetic, educational) upon which human well being depends. 

EBM as discussed primarily in the ecology literature lacked a well-defined objective and human well being was secondary. Grumbine (1994) indicates that clear goals must be set out for EBM, and from numerous surveyed papers he found five frequently sited goals. The first four involved maintaining species, ecosystem types and ecological processes, while the fifth was to “Accommodate human use and occupancy within these constraints.” (p. 31). Similarly, the Ecological Society Report (Christensen et al. 1996) stated: 

“Sustainable strategies for the provision of ecosystem goods and services cannot take as their starting points statements of need or want such as mandated timer supply, water demand, or arbitrarily set harvests of shrimp and fish. Rather sustainability must be the primary objective, and levels of commodity and amenity provision must be adjusted to meet that goal.” (p. 666)
But sustainability as a goal leaves the question of what is it that is to be sustained. Virtually all ecosystems in the world have been impacted by human activities (Vitousek et al. 1997), so should they be sustained more or less in their impacted state? Or returned to some previous, more pristine state? Some researchers suggested that EBM is a fuzzy concept that does not provide operational direction (More 1996; Sedjo 1996). 

More recently, and especially after the MEA, the objective of EBM has been tuned to human well being. Granek et al. (2009) point out that without human demands for ecosystem functions there are no ecosystem services, and that a central goal of EBM is the sustainable delivery of the services. Ecosystem services, in other words, provide an objective for EBM. Moreover, with ecosystem services as an objective, then following the links in the MEA schematic above provides guidance on biodiversity conservation: how much and what biodiversity should be preserved depends on what services are to be maintained (Perrings et al. 2010).  
Although ecosystem services allows for a clearer objective, they do not always allow for clearer set of directives. Ecosystem services follow from ecosystem function which follows from biodiversity. But despite advances in understanding how biodiversity contributes to ecosystem function (Naeem et al. 2009), there remains much work to do before these function can completely and consistently be linked to a set of services that are desired for human well being. Consequently, tracing back from a set of services to what biodiversity needs to be conserved remains a major hurdle. And there still are no clear guidelines on how the inevitable tradeoffs that will be inherent in EBM will be made (Sanchirico and Hanna 2004). 
Although the linkages from biodiversity to human well being are becoming an important theme in resource economics, this is not to say that previously economists did not analyze wise use of nature-provided goods prior to either the calls for EBM or the MEA. In bioeconomic work economists’ nomenclature was not ecosystem services but rather production inputs, direct consumptive and non consumptive uses, indirect uses, existence and option values (Goulder and Kennedy 1997). Provisional ecosystem services represent direct, consumptive uses of nature. They include food and, therefore, agriculture which involves intensely modifying natural ecosystems. Natural ecosystems, or naturalness, can be defined as the degree to which an ecosystem is subject to human influence (Anderson 1991). There is an entire discipline devoted to agriculture economics, so it will not be covered further here, other than to point out that agricultural practices can be geared to generating ecosystem services beyond the obvious food provisional service (Antle and Stoorvogel 2006).  Economic studies of provisional ecosystem services that derive from somewhat natural ecosystems dominated early bioeconomic research and date back over 150 years in forestry to the Faustman rotation model, and a century later to commercial fisheries (Gordon 1954; Scott 1955). Fisheries in fact may have enjoyed a disproportionate amount of scrutiny in the study of provisional services, considering they represent half of the renewable resource papers published in the Journal of Environmental Economics and Management in the last quarter of the 20th century (Wilen 2000). 
Cultural ecosystem services presented more of a problem for valuation than provisional services, because they are typically non marketed. An early study by Ciriacy-Wantrup (1947) suggested that surveys could be used to evoke values for non marketed goods, although it was in the 1980s that contingent valuation surveys blossomed into the standard method for non market valuation (Hanemann 1994).  Since then the value of numerous cultural ecosystem services, including existence and option values, have been estimated using survey methods (Champ et al. 2003).

Examining and valuing regulating and supporting ecosystem services is not as well developed in economics, even though these services brace up the economy. Like cultural services they are typically non marketed (Heal 2000), but unlike cultural services, important regulating and supporting services such as soil formation or nitrogen cycling are unfamiliar to many consumers. Consider wetlands that provide a variety of cultural (recreation, aesthetics), regulating (water purification, natural hazard protection) and supporting ecosystem services (habitat, water cycling). A seminal study of wetland value was provided by Hammack and Brown (1974).  In more recent work, the value of cultural wetland services have been estimated using hedonic, travel cost and contingent valuation methods, although these methods are less useful for wetland supporting and regulating services that consumers do not see (Boyer and Polasky 2004; Barbier 2009). Nevertheless, stated preference methods have been used in a few instances to value water quality, flood protection and other services. (See Woodward and Wui (2001) for references.) A key point, however, is that “No single (valuation) method can capture the economic value of the many, disparate services provided by natural assets…” (p. 48, Johnston et al. 2002). 

Swallow (1994) produced a study of the tradeoffs in draining coastal wetlands for agriculture and forestry, both provisioning services, at the loss of habitat for fish nurseries, a supporting service. The study predates the wide use of ecosystem services terminology, and couches the work in terms of trading off a nonrenewable resource (the natural wetland whose development is basically irreversible) for renewable resources (agriculture and forests). The results indicate that some development is efficient, but much of the wetlands should be preserved for fish habitat. The value of habitat derives from a shrimp fishery, so that although a supporting service is lost with development, its value is being measured with a provisioning service that derives from the habitat. Thus, if the fishery were the sole service associated with the habitat, then this would be an example of not needing to assign value to an indirect use, habitat, because a direct use that derives from the indirect use, shrimping, is being valued (Goulder and Kennedy 1997). Although the habitat value can be ascertained from the fishery, the Swallow study underscores the importance of EBM that implies in this case that fishery policy should not be single-species based: plant and small animal species that comprise a nursery must also be taken into account. 
There are probably numerous instances when the value of a supporting or regulating service can be determined at least in part from cultural or provisional services they sustain. This would avoid double counting.  Barbier (2000, 2007) also examined wetlands, in his case the tradeoffs were across ecosystem services in Thailand’s mangrove forests. Intact mangroves are a source of provisional ecosystem services (fish, timber, fuel wood), a supporting service (habitat for fish nurseries) and a regulating service (natural hazard protection). These services are largely lost when the mangroves are converted to a shrimp aquaculture system, which is basically an intensely managed provisional service like agriculture. Too often conversion to aquaculture has been pursued and the other services lost, because the opportunity costs of the latter services have been ignored. As in Swallow (1994), the fish nursery supporting service could be valued using the provisional service fisheries, but the natural hazard protection regulating service could not be valued using provisional and cultural services. Basically the mangroves represent joint production with associated provisional, cultural and supporting services, where the latter must be valued separately. In follow-up work on Thailand’s mangroves, Barbier et al. (2008) find that relationships across services are non linear, and that consistent with the goals of EBM, the preservation-conversion choice is not all or none. Also, Sanchirico and Springborn (2011) extend Swallow’s and Barbier’s research on coastal fishery habitats by developing a detailed mechanistic model that recognizes explicitly how mangroves increase the survivorship of juveniles. 

Other economic examples of studies on regulating and supporting services examined pollination, climate regulation, water purification and nitrogen cycling. Pollination is a regulating service that is important for many crops. For the U.S., Southwick and Southwick (1992) estimated a value for honey bees based on lower crop prices owing to increased yields that result from honey bee pollination. Climate regulation is a regulating service that biodiversity affects, because species characteristics determine how much carbon is taken from the atmosphere and sequestered in vegetation. Forests are good sinks for storing carbon, and there is a plethora of studies that examine the cost of sequestering carbon by converting or maintaining forest lands (van Kooten et al. 2004; van’t Veldt and Plantinga 2005; Lubowski et al. 2006). Water purification is a regulating service, and perhaps the most widely cited example of securing the benefits of this service is when New York City opted for protecting its watershed in the nearby Catskill Mountains by limiting development and pollution sources. Although the cost of doing so was several billion dollars, it was substantially less than the alternative cost of building a water treatment plant. This and other international examples of watershed protection are discussed by Heal (2000). Simonit and Perrings (2011) build a bioeconomic model that includes both fisheries and the water filtration properties of wetlands around Lake Victoria, Africa.  By filtering out nutrients, the wetlands benefit the fisheries, and the authors use the provisional fisheries service to place value on the filtering supporting service. Nitrogen cycling is a supporting service that is impacted by a rapid and large global increase in atmospheric nitrogen attributed to human processes (Vitousek 1994). Finnoff et al. (2008) investigate how increased levels of nitrogen reduce opportunities for livestock grazing, because nitrogen rich soils favor invasive species that are less nutritious as forage.  

While some of this economic work discussed above incorporates ecological details, they tend to be exceptions. Most economic studies do not contain significant ecological detail or modeling. Instead the studies rely on single-species modeling and often a simple logistic growth function. In fisheries economics that dominates this literature, the studies contributed substantially to developing analytical solutions for optimal control models, but they have had little impact on real questions raised by fisheries managers (Deacon et al. 1998; Wilen 2000). There is a small literature that employs two-species Lotka-Volterra models, but they have been criticized by ecologists for being phenomenological instead of mechanistic (Tilman 1982). In economic terminology, these models lack microfoundations because they provide only descriptions of the outcome of competition instead of an actual competitive mechanism grounded in physiological processes. There is some work that adds biological realism by admitting age-structured populations, and it demonstrates that this addition significantly alters traditional optimal harvesting results (Tahvonen 2009). Other work avoids ecological modeling completely and instead relies on catch data from multispecies fisheries to apply financial portfolio theory to EBM (Edwards et al. 2004; Sanchirico et al. 2006). 
 More detail on efforts to integrate economics and ecology for understanding how to manage ecosystem for the delivery of ecosystem services can be found in Polasky and Segerson (2009) and Tschirhart (2009). Perhaps the most ambitious, large-scale, and operational approach at integration to date is the Integrated Valuation of Ecosystem Services and Tradeoffs (Nelson et al. 2009).  InVEST is actually a suite of models that estimate quantities and values of ecosystem services over landscapes. Possible services include pollination, soil conservation, carbon sequestration, timber, recreation, and so on. The biology in InVEST is based on species level traits, in particular, species’ habitat needs and inter-habitat mobility (Polasky 2008).  Modeling ecosystems at the species level is standard, although species-level models omit micro level, individual organism based behavior which ultimately drives the macro outcomes, such as relationships between species densities and habitat (Levin 1998). 

We believe that EBM can benefit from more detailed modeling of ecosystems than most economic work has heretofore contained. Some authors have maintained the importance of general equilibrium analysis and micro-founded population dynamics for modeling ecosystems (Tschirhart 2000; Eichner and Pethig 2005, 2009; Finnoff and Tschirhart  2003a, 2003b), and this is the direction we take in the next section where a different approach to modeling for EBM is used to illustrate EBM concepts.  
III A Procedure for  EBM using VAR
Figure 1 represents a food web that connects Alaska’s Aleutian Islands (AI) with the Eastern Bering Sea (EBS). There are eighteen compartments that will be referred to as species, although in some cases the compartment is a functional group of similar species. In food webs, species are often aggregated into components (Solow and Beet 1998). For example, small flatfish include flathead sole (Hippoglossoides elassodon), yellowfin sole (Limanda aspera), and Alaska plaice (Pleuronectes quadrituberculotus). There are two plant, five fish, three invertebrate and six mammal species plus detritus, although pollock (Theragra chalcogramma) is age structured into adult and juvenile, which is done because of the distinct roles of adults and juveniles in the ecosystem and the importance of cannibalism in the pollock relationship (Trites et al., 1999; Aydin et al. 2002).
 Each arrow in the food web represents one of thirty-seven predator/prey relationship, including two plant species ‘preying’ on the sun. The food web is modeled here using a general equilibrium ecosystem model (GEEM (Tschirhart 2000)). GEEM is based on individuals within species optimally foraging to maximize net energy which is channeled into offspring. It uses real data on species densities, consumptions and the physiological parameters described above for ecosystems comprised of plants, invertebrates, fish and mammals. Earlier versions of GEEM and this Alaskan food web with fewer components have been described elsewhere (Finnoff and Tschirhart, 2003a, 2003b, 2008). The marine system in Figure 1 represents a complex, adaptive system and GEEM is able to demonstrate how macroscopic system dynamics (populations) are determined by optimal individual choices (predation and foraging), and how the dynamics then feed back to determine individual choices (Levin and Lubchenco 2008). In particular, the individual choices create system dynamics that are not necessarily in the best interest of the individual optimizers; but this conflict dampens individual responses in ways that promote food-web stability. Adaptive behavior is modeled through optimal diet selection which yields predator feeding rates that equate the fitness benefits and costs from a per unit change in consumption of alternative prey (Stephens and Krebs 1986). 

GEEM can be integrated with an economic model, although we introduce a different approach here that uses vector autoregression (VAR) that is described in the Appendix. Population data from GEEM simulations are used to derive a linear dynamic system that is very easy to merge with an economic component. Because the derived population dynamics are based on the simulations from GEEM, and because population changes are expressed as functions of all species’ current period’s and the previous two periods’ populations, we label it the “Reduced form of GEEM” or R-GEEM.  Using VAR, a basic dynamic equation in R-GEEM for the ith species in the food web is given by: 
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(1)
A linear form was chosen over a nonlinear form, and the three lags in (1) were sufficient for R-GEEM to duplicate the dynamics of GEEM based on Q-tests (See Gong 2007). The change in the population of species i on the left side of (1) depends not only on its own stock on the right side, but on the stock of every other species in the food web. Moreover, the change depends not only on stocks in the current period but on the stocks in two previous periods. The magnitude and signs of the b coefficients capture whether other species may have small or large affects, or positive or negative affects on species i. An equation (1) for each of the eighteen species is used as a state equation in designing optimal EBM. Because the equations track interactions across species, they are critical in accounting for tadeoffs across ecosystem services. 
IV Optimal EBM
 
The eighteen species in the Alaskan food web yield numerous ecosystem services, including the familiar provisional services from fish and crab that are commercially harvested. Optimal EMB is defined here over harvests of five species as provisional goods, and the non consumptive values of non harvested species. To set up the problem with R-GEEM, assume the marine system is managed by an omniscient regulator who operates as if a sole owner of the system with well-defined property rights. Selective harvesting is carried out and there is no technical interdependency (Anderson 1977) between harvests of any species. Other assumptions include fixed technology and market price over time, no market power in either fish markets or input markets, and perfect information. By perfect information, we mean that the regulator knows current conditions in the ecosystem and is able to infer the populations in the future through the ecological model.

Using the 18-species R-GEEM as population updating constraints without matrix notation, the EBM problem becomes:
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for all species i =1,..,18. The indicator variable 
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 just tracks which species are harvested and which not by having a value of “1” for a harvested species and “0” for all others. The harvested species are i  = 4,13,14,17,18, for adult pollock, cod, arrowtooth flounder, crabs and flatfish, respectively.  The non-consumptive or non-market value functions 
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 for all species i = 1,..,18  in the objective function differentiates EMB from models of multispecies harvesting alone, by incorporating ecosystem service values beyond the  harvesting provisional ecosystem service values from harvesting.  This formulation is an extension of a basic renewable resource model in which utility depends on both the resource stocks and consumption flows generated by the resources, while the stocks are replenished by natural growth and depleted by the consumptions. For example, Heal (1998) presents an optimal control model with human welfare dependent on consumption and stock which are tantamount to our harvests and non-market value functions, respectively. Heal indicates that the weakest part of his specification is the ecological dynamics, which we hope to strengthen here by appending the more detailed VAR state equations. 
Potentially, all species may have positive non-consumptive value, or 
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 > 0 for i = 1,..,18, if we consider the full range of ecosystem services in the MEA. Besides the provisional services provided by harvesting there are the cultural, supporting and regulating services.  A charismatic marine mammal such as the sea lion provides a cultural ecosystem service and V6(N6) > 0 (time subscript omitted), because humans derive direct, non-consumptive value from viewing sea lions. In the food web sea lions consume cod that consume benthos, so sea lions indirectly depend on benthos which in turn provide indirect use value to humans. However, this benthos indirect use value need not appear in the objective function, because they are already captured through species interactions in the value of the sea lions, or in the value of any other species with direct values to humans that depend on benthos (Goulder and Kennedy 1997). If this was the end of the story, then V16(N16) = 0 where benthos is species 16. However, some species within the benthos component filter water and, therefore, provide a regulating ecosystem service, in which case V16(N16) > 0. The point is that once we allow for regulating and supporting services, Vi(Ni) may be positive for a wide range of species that are usually explicitly or implicitly assigned a zero value. . Here we only consider cultural services and the V function will represent the value of charismatic mammals.  In that case, and assuming differentiability, if the marginal values from charismatic mammal populations are positive but declining, the function would have positive first derivatives and negative second derivatives. In general, however, learning more about the Vi(Ni) values requires focusing on services beyond provisional and cultural, and it is central to understanding how natural capital should be integrated into the decision making of individuals, corporations and governments (Daily et al. 2009).
The discount factor in the objective function is given by 
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 for a discount rate r, and harvested species prices pk are assumed to be constant.  Harvests  are a function of species populations 
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.  In the numerical application these functions are given by discrete time Schafer type production functions (Conrad and Clark, 1987).  Cost functions 
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 are quadratic in effort following Kellner et al. (2010). We assume no joint production in that harvesting is separable across species, although relaxing this assumption may be a fruitful line of future research. A more general formulation would have harvests of the ith species dependent on effort for all species, Hi(E, Ni).  This would allow analysis of how the predator/prey and competitive relationships within the ecosystem influence the multiproduct and product specific scale economies, economies of scope, and other production properties under joint production. (For joint production see Squires 1987 or Squires and Kirkley 1991) 
The present value Lagrangian expression for the problem is:
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(2)
The key variables introduced by the optimization procedure are the costate variables given by
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.  Each can be interpreted as the shadow value of an additional unit of 
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 in period t + 1  that  provides a signal to the decision maker in period t of the opportunity costs of harvests through the forgone value of growth in the stock of species i.  
Let k = 4,13,14,17,18 for the harvested species, then five first-order conditions for these species require effort in each period t to be directed at each of the k species until the marginal value product of effort, net of opportunity costs, equals the marginal cost of effort:
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Subscripts other than for time indicate partial derivatives.  The opportunity costs of effort, 
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, is the user cost of the resource (species population) which is the discounted value of an additional unit of the resource k in period t + 1. 


For the kth  harvested species, the first-order conditions can be rewritten and simplified to:
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(4)
When species k is optimally harvested, the period t value of a marginal unit of the species stock, 
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, has five components shown on the right side of (4).  The first term is the current period, non-consumptive value of the marginal unit of stock (that might be positive or zero depending upon whether or not the species has non-consumptive value), and the second term is profit 
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from the marginal unit of stock. More stock can increase efficiency of effort in harvesting (larger stocks are easier to exploit).  The third term in brackets is the discounted value that a marginal unit in t will be worth in period (t + 1) through its ecosystem-wide contributions, net of its value when harvested.  The ecosystem-wide contributions refer to how species k influences the growth of species j as measured by the b terms. Each b is weighted by a
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which is the shadow value of an additional unit of the species j in period t . The product of the shadow value of species j and species’ k’s influence on j represents the economic effect of a change in species k in terms of value change of species j. In other words, this product term reflects how the ecological interaction caused by an ecological variable change can be assigned an economic value. Note that this economic value is only from the provisional ecosystem service; it is the effect of harvesting and is separate from the non consumptive values in the first term in (4). The fourth and fifth terms are the discounted marginal values of the unit of stock’s ecosystem-wide contributions in periods t + 2 and t + 3.  


Non-harvested species i ( k also have value to the decision maker through their co-state variables
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. Their equivalent conditions to (4) are dependent on the form of the non-consumptive value functions 
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(5)
Non-harvested species have value in units of the species in period t, 
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. The value is composed of the non-consumptive value from the first term on the right side of (5), the effect of changes in the non-harvested species on harvests of harvested species from the second term, and on species i’s effect on the changes in value of the additional growth throughout the ecosystem in periods t + 1, t + 2, and t + 3. 


To obtain population dynamics the equations of optimality must be simultaneously solved over all time periods given the initial conditions on the species populations.  While little insight can be garnered analytically about optimal choices overtime, some analytical insight can be found from an inspection of the optimum steady state.


In the steady state the three sets of variables (state, controls and shadow prices) are invariant over time.  Following some algebra, the fundamental equations of renewable resources for harvested species k can be derived:
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(6)
This condition essentially requires the harvested species “internal rate of return” to match that of investments elsewhere in the economy (given by the discount rate r).  The species internal rate of return is the summation of its own marginal net growth rate (first term on left side of (6)) and the multispecies marginal stock effect (second term) which measures the marginal value of the stock from non-consumptive values, harvesting and every other species in the ecosystem relative to the marginal value of effort directed at harvests of the kth species.  The rule given by (6) significantly expands the standard single-species rule by including both ecological interactions between the harvested species and all other species (given by the b coefficients) as well as their economic interactions (given by direct non-consumptive values and all the other species shadow values).   The point is that there are far more opportunity costs to be considered and they may work in the same or opposite directions.  Ideally, EBM would include all these opportunity costs to ensure optimal management.


A similar rule exists for non-harvested species i( k:
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(7)
For non-harvested species the marginal own productivity net of own growth rate (first term of the left side) plus the marginal stock(s) effect is equal to the discount rate.  Again the marginal stock effect here is modified and measures the marginal value of the stock throughout non-consumptive values and the ecosystem relative to the marginal value of the species (given by the user cost).

Numerical application - parameterization -  To illustrate the potential and the challenges of EBM, we implement numerical variations of the above optimization problem across a range of management scenarios.  The management scenarios considered are single-species profit maximization, multispecies profit maximization, and EBM which we model here as multispecies profit maximization with non consumptive values taken into account as in the above theoretical presentation. Open access is not considered because of the overwhelming evidence that it underperforms management with defined property rights, and would certainly be inferior to the three scenarios that are considered. 

Single-species  harvests are those found from independently maximizing the profit from each harvested species, ignoring all ecosystem opportunity costs of harvesting (i.e. assuming the harvested species shadow values (k = 0), and taking the ecosystem repurcussions of other species harvests as beyond the control of the single-species maximizer.  This scenario is a rather sophisticated ecosystem analogy to single-species bioeconomic modeling, because here the ecosystem is adjusting through the food web interactions, as opposed to using a single-species growth function for the harvested species as if it were in isolation from the other species. For example, most bioeconomic models use a logistic growth function for single-species management wherein the ecosystem is collapsed into a carrying capacity term so the rest of the ecosystem is not adjusting to harvests. Basically, in the single-species maximization here the manager sees the species growth function as dependent on harvests of other species and food web interactions, although the manager has no influence over those activities. For single-species and multispecies profit maximization management scenarios, 
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.  For EBM, non-consumptive values are included to demonstrate how they change the results.


To parameterize the harvesting component of the model, prices 
pk are taken to be constant over time, and the discrete time harvest functions are given by  where qk are catchability coefficients (Conrad and Clark, 1987).   Costs are taken to be quadratic in effort 
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following Kellner et al. (2010), where coefficients  and 
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 are the intercept and slope parameters of the resulting linear marginal cost function.  Implementation of the model therefore requires estimates for five key sets of parameters: the discount rate r, harvest prices pk, catchability coefficients qk and cost parameters
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All prices are in US$ per kg and deflated to year 2000.  A time series from 1992 to 2009 of exvessel prices for pollock (species 4), pacific cod (species 13), arrowtooth flounder (species 14) and small flatfish (species 18) were gathered from Bering Sea and Aleutian Island SAFE reports of the Alaska Fisheries Science Center
.  The data did not provide a differentiation in price between arrowtooth founder and small flatfish.  A similar series for crab was gathered from a recent review of the crab rationalization program in the Bering Sea
.  The average prices from these series are displayed in Table 2.


Catchability coefficients qk for each harvested species were calculated in a two step process.  First, fishing mortality data was calculated or accessed from North Pacific Groundfish Stock Assessments
 and from the King and Tanner Crab Stock Assessments for the Bering Sea
.  For the groundfish, from the available time series of biomasses and retained catches over the years 1990 to 2009 fishing mortalities were calculated as average proportion of biomass harvested.  Crab fishing mortalities were calculated as the average of the exploitation rate of total male catch on mature male biomass over the years 1978 to 2008.  The fishing mortality rates were then used to calculate harvests for the R-GEEM steady state populations.  In the second step the harvest functions were inverted and used to calculate the catchability coefficients, using the harvests Hk implied by the fishing mortality rates and observed effort 
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 data for each species.  Effort measures for groundfish were calculated as the average of a time series (1992-2000) of Eastern Bering Sea (EBS) catcher processor, processing each species from a report prepared for the North Pacific Fishery Management Council
.  In the absence of better data, effort for crabs was taken to be the number licenses in the Bering Sea and Aleutian Islands crab fisheries in 2005, gathered from the three year review of crab rationalization accessed for price data. 


To merge R-GEEM with the economic component a crucial step was required.  While there was no explicit harvesting in the GEEM model used to generate the R-GEEM, the data employed was from natural systems distorted by human influences, namely harvesting.  Given this, when meshing the R-GEEM with the economic modeling we recalibrated the intercepts of each species in the R-GEEM so that harvesting at the rates implied by the fishing mortalities at the steady state of the R-GEEM is bioeconomic (i.e. sustainable).  
Numerical application - simulations:  For brevity only the steady states of the scenarios considered are discussed.  The model was solved in the nonlinear programming software GAMS
 for the three scenarios.  As noted above, the single-species and multispecies management omit non-consumptive values of marine mammals in which case 
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.  For EBM at least some Vi > 0, and there are many cases that could be considered depending on what non-consumptive values are assigned and to which species. Space permits only two cases here that are labeled EBM 1 and EBM 2. Our choice of the cases is driven by the results from multispecies harvesting and described in detail below. Results for populations, efforts, harvests, net benefits, and shadow values are displayed in Figures 2-7. Net benefits are defined under single-species and multispecies harvesting as profits, and under EBM as profits plus the non-consumptive values. The vertical distance of the color-coded bars in the figures measures the magnitude of the variable under the three management scenarios. Figure 2 presents the steady-state populations scaled to fit on one graph. Across species, the relative heights of the bars are not meaningful.  Figures 3 and 4 display steady-state effort and harvests from each management scenario.  For single-species harvesting, there are positive harvests of all five marketed species (green bars in Figure 3) although harvests of arrowtooth flounder are almost zero.  

Figures 5 and 6 document steady-state net benefits for the three scenarios. Multispecies harvesting generates more profits than does single-species harvesting by landing more pollock (species 4), cod (species 13), arrowtooth flounder (species 14) and small flatfish, (species 18) but fewer crab (species 17).  However, most of the profits come from crab and adult pollock.  The differences between single and multispecies management reflect the defining role of juvenile pollock as a key prey species, and the portfolio of harvests in multispecies harvesting is balanced to increase the stock of this key species.  More juveniles translate to more adult pollock, although more adults means more cannibalism on juvenile. This cannibalism is offset in part by reducing the population of arrowtooth flounder, another predator of juveniles, through aggressively harvesting the flounder (aggressive in relation to the single-species levels which were minimal).  However, even in the face of the steep proportional rise in arrowtooth harvests, there is a positive feedback to them from increased arrowtooth prey (juveniles) that expands the arrowtooth population.  
At the same time, in moving from single to multispecies management, crab harvests are reduced while small flatfish harvests are greatly expanded.  Small flatfish compete with crabs for benthos and they are prey for the more commercially valuable cod.  Targeting flatfish more alleviates the resource competition for crabs, but also reduces a prey species for cod.  But crab are relatively more profitable than cod, moreover, some cod also benefit from the increase in juvenile pollock prey.  The point is that the pattern of harvesting is significantly different than in single-species management.  The harvests are employed to manage the ecosystem productivity, but in a way that accounts for the complex food web relationships in order to attain the greatest productivity in the highest profit species.  
Some insight here can be garnered by inspecting the steady-state shadow values of the harvested species in Figure 7.  By definition these values are zero under single-species harvesting, but under multi-species management all shadow values other than small flatfish are positive.  The implication is that there are opportunity costs to harvests, and that there is value to the system of leaving fish in the sea.  The high shadow values for cod and crab explain the small cod harvests and the decline in crab harvests  when moving to multispecies management (noting that profits for these species are maintained with these changes). In contrast, small flatfish have a negative shadow value and there is a steep increase in profit by extracting more of them from the sea.
There are negative consequences to multispecies management, however. Sea otter are driven to extinction owing to increased killer whale predation.  Killer whales have seven prey species including otter; the other six species densities increase substantially in moving to multispecies management. With a larger prey base, the density of killer whales increases leading to greater predation on the otter.  The otter are at a disadvantage in the sense that they are part of the near shore ecosystem where, in the model, there are no commercial fisheries. Consequently, when profit from the provisional harvesting service is the only source of net benefit recognized, there is no incentive to conserve the near shore system. That killer whales are capable of substantially reducing otter populations has been documented in Estes et al. (1998).     

Positive sea otter populations in EBM 1 and EBM 2 can be ensured if they are assigned a positive non-consumptive value by letting 
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. The value np7 is calculated as the minimum value per sea otter calibrated to ensure a positive sea otter population. It was determined by running the model and incrementally increasing np7 from zero until the steady-state population was positive. This yielded a value per sea otter of $5.65, or $0.2 per kg of the species.  In EBM 2 a positive non-consumptive value was assigned to the Steller sea lions which are an endangered species in the Alaskan ecosystem (Although the sea lion densities in the model do not reflect the steep declines in the last decade.).  The value of $2 per sea lion was calculated as the minimum value for np6, given the np7 that maintained a positive steady-state population of sea otters.  These otter and sea lion values are not meant to reflect existence values or any other specific measures of ecosystem services offered by non consumptive marine mammals; they simply are introduced to make a point that there are tradeoffs across species and services. Marine mammals have positive value to humans, and positive values must be assigned to them in (1) in order that EBM can properly assess the tradeoffs.

Comparing EBM 1  to the multispecies scenario, the harvest portfolio sees a reduction in all species’ harvests except arrowtooth flounder.  Inspecting the shadow values with both EBMs in Figure 7 demonstrates the role of arrowtooth flounder harvests.  The harvests are expanded because the shadow value of leaving flounder in the ecosystem is relatively large and negative.  Even though the expansion of harvests of this species actually generates negative profit (Figure 6) the ecosystem is managed so that the increase in killer whale density seen in multispecies harvesting is attenuated and predation on sea otters reduced. 
EBM 1 and EBM 2 provide very similar results; the main difference is that the positive value attached to sea lions does increase their density slightly at the expense of sea otter density. Killer whales also increase slightly because sea lions are preferred as prey over otters. Again, there is a tradeoff between protecting harvested fish in the offshore system and non consumptive otter in the near shore system. The move to EBM from multispecies does reduce harvesting profits, but the total net benefits that include the non consumptive values increase. 
V Conclusion
We have presented a brief summary of EBM origins, and contrasted its progress in the ecology and economics literatures. In principle, the need for EBM is evident. Ecosystems are under enormous and increasing pressure from human activities, yet the activities depend upon ecosystem services. Ecosystems produce myriad services, and those services follow from ecosystem function that depends on the relationships across numerous species. Therefore, to deliver an optimum portfolio of services requires conserving the correct mix of species. Traditional focus on one or a few species is inadequate, because it is likely to result in ‘surprises’ about those species’ populations owing to the activities of omitted species. Moreover, for the mix of the myriad provisional, cultural, supporting and regulating services demanded by consumers and firms, in the future relatively more emphasis is likely to be placed on the latter three services. Provisional services have dominated much economic work, but the cultural, supporting and regulating services will rise in importance as societies react to losses of biodiversity and recognize the need for ecosystem sustainability (Squires 2009). 
But while the need for EBM is evident, how to implement it is less so. To illustrate one approach, an example is presented here of an eighteen species system that potentially can deliver numerous ecosystem services, although we confine the model to five provisional and two non provisional services. Space did not permit us to go into detail on how the ecological relationships are altered when humans draw upon the services, although such detail can be pursued with a more in depth GEEM analysis.  Nonetheless, the results suggest some of the involved tradeoffs when a multispecies system is examined. Among the findings are: 
1 - under any form of optimum harvesting, species that provide indirect values, such as benthos which are prey for cod, crab and flatifish, are ‘protected’ so that they can support the directly-valued harvested species;

2 - optimum multispecies management increases profits over optimum single-species management, because  the predator/prey and competitive relationships across harvested and non harvested species are taken into account; 

3 - although optimum multispecies management improves over single species, it does not assure that non consumptive species are ‘protected’, if those species are not in direct relationships with the harvested species (in our model the sea otter) 
4 - non consumptive species may have to be assigned positive values to ensure their survival; and 

5 -  EBM outperforms multispecies management when all net benefits are included in the manager’s objective function.

To be sure, any model used to guide EBM should include enough species to capture the most important species relationships that are germane for the delivery of ecosystem services. But such models promise to be data demanding and difficult to validate (for examples, GEEM or Ecopath/Ecosim). There is also the problem of where to draw the boundaries around the ecosystem modeled: that is, how important are transient species or species that are contained in adjacent systems but interact with cross boundary species? And even if the information could be gathered and the ecosystem interactions understood, what management tools exist to actually modify the populations or change the behaviors of the actors in the ecosystems to improve the delivery of ecosystem services while conserving the biodiversity base?


A drawback of our approach is the difficulty in validating whether GEEM or R-GEEM is a good approximation of extremely complicated real-world dynamics. For our example annual population data on all eighteen species is nonexistent. There are annual estimates of the harvested species, usually based on catches, but estimates of other species can be costly, and probably impossible for species such as benthos or zooplankton that are aggregates of many distinct species. In addition, because anthropogenic activities impact the populations, those activities should be taken into account in the dynamics. Such accounting is standard in fisheries models because harvesting is inserted into the state equations, but humans impact the populations in numerous ways. Besides overharvesting the leading anthropogenic impacts on biodiversity - habitat loss, pollution, invasive species and climate change (Millennium Ecosystem Assessment 2005) - would be difficult to take into account.  Also unclear is whether annual data is even necessary for all species, because some species such as the blue whale produce very slowly. Although we have not discussed the dynamics in detail, we find that after a shock some species spring back to their equilibrium densities in a few years while slow producing species such as the blue whale may take decades. The differences are largely driven by the average lifespans of individuals. 

Nevertheless, we maintain there is merit in modeling many interacting species for EBM, just as there is merit in modeling complex economies using computable general equilibrium (CGE) models. The GEEM approach is based on individual plant and animal behavior similar to how human behavior is modeled in CGE. CGE uses parameters describing human preferences and is characterized by conservation of product flows; GEEM uses individual organisms’ physiological parameters and is characterized by conservation of energy flows. CGE models may be static or dynamic; GEEM is necessarily dynamic in keeping with traditional ecological models of interacting species in which dynamics, particularly Lotka-Volterra style dynamics, are central.  Unfortunately, dynamic CGE models are a long way from being able to predict the future, and this likely is true for GEEM as well: there are simply too many variables, species interactions, and unaccounted for shocks that make prediction unreachable. But neither GEEM nor CGE are ‘black box’ methodologies, because with both there is a relatively simple algebraic structure at the core of the modeling (Wing 2004). Therefore, just as CGE uses real economic data to estimate how an economy might react to changes in policy, technology or other external factors, GEEM uses real ecological data to estimate how multiple species react to changes in anthropogenic activities, and, as in this paper, especially to harvesting activities. 

There may be other lessons from economic models that are pertinent here. One of the great economic messages of the 20th century is that centrally planned economies do not work. The idea that a planner can gather enough information to answer the fundamental economic questions of what goods should be produced, how should the goods be produced, and how should the goods be distributed is unreasonable, because the informational requirements are overwhelming. Moreover, as Stiglitz (1996) points out, the informational questions are even broader than the traditional three questions, and they include how the separate decisions of millions of actors can be coordinated, and what incentives are needed to ensure the actors make the right decisions? In one sense, at least, EBM may be easier than centrally planning an economy. In EBM the three traditional economic questions roughly translate into what ecosystem services do humans want, and what biodiversity must be preserved to deliver these services? The data requirements for answering these questions, as with centrally planning an economy, are daunting. But on a positive note, the informational requirements raised by Stiglitz may be less severe with EBM than with planning an economy. For thousands of millennia prior to the rise of homo sapiens, the actors in ecosystems were making ‘decisions’ that were sustainable and highly productive in biomass output. Somehow the actors had incentives to make the right decisions. To obtain ecosystem services, inevitably humans must intervene and affect those actors’ decisions. A future challenge for EBM may be to understand the decisions and to minimally impact them while drawing upon the services those decisions provide. 
Appendix -  Deriving VAR from GEEM Data
A vector autoregression (VAR) model uses the simulated population data from GEEM to derive a linear system for population dynamics of the interacting species. VAR is similar to statistical population modeling that uses data from experiments, simulations, or natural observations. If applied appropriately, statistical models can approximate the original system with high precision. VAR is often applied in empirical macroeconomics (Sims 1980). Here the purpose is to use the GEEM data to generate a reliable reduced form for the population dynamics in order to track ecosystem responses to shocks such as harvesting. Since the derived population dynamics model is based on the simulations of the GEEM, we name it “the Reduced Form of the GEEM”, or R-GEEM for abbreviation. There are two motivations for using VAR to derive R-GEEM: one is for the easy application of GEEM in EBM and the other is to contribute to the population ecology literature. GEEM variables are not easy to incorporate in an economic model, because GEEM is a general equilibrium system of implicit functions without explicit solutions. R-GEEM contributes to the current ecology research by deriving a different method for deriving a mass-balanced, population dynamics model.

The Statistical Model - First applied by Sims (1980) in macroeconomics to estimate a six-variable, four-lag dynamic system, a VAR is an n-equation, n-variable linear model in which each variable is explained by the lagged values of n variables. There are three major uses of the VAR in macroeconomics (Leeper and Zha, 1999). The first is to identify monetary shocks and test whether they have contributed to business cycles (Leeper et al. 1996). The second tests whether the responses to policy shocks predicted by macroeconomics theories match those that VARs produce (Christiano et al. 1998). The third involves forecasts with VAR models conditional on relatively long sequences of variables (Fackler and McMillin 2002). The VAR model in this paper entails all three uses. We will identify the VAR model (R-GEEM), use R-GEEM to predict the responses to various shocks, and test whether the responses in R-GEEM match those that GEEM predicts. For a more detailed summary of the VAR application in macroeconomics, please refer to the CREI archive for the “Macroeconomics and Reality, 25 Years Later” conference (CREI, 2005).

Depending on how many lags are in the model, a VAR model is called VAR(m) where m is the number of lags. After having tried nonlinear function forms combined with different VAR(m), we choose VAR(3) with linear terms only
. The time-aggregated version of VAR with 3 lags is :
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where 
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 are vectors of populations of 18 species at time t, t-1, t-2, and t-3 respectively; C is a vector of constants; 
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is called the linear model or VAR matrix hereafter.

The first step to estimate the VAR matrix is generating time series data from the GEEM. To ensure enough dynamics but not too much noise in the GEEM time series data, we start the populations at their steady–state values, then randomly add small shocks to any species in the system. In each period, the probability that no species is hit by a shock is 75%. That is, the probability of at least one of the 18 species being shocked is 25%. The number of the observations (time periods) generated is 10,000.
Formally, 


[image: image46.wmf]         

          

          

          

984

.

0

 

and

 

1

 t 

),

 

1

(

 

)

(

984

.

0

 

and

 

1

 t 

,

 

)

(

1

 t

,

 

1

1

ï

ï

î

ï

ï

í

ì

>

>

+

W

£

>

W

=

=

-

-

i

t

i

t

i

t

i

ss

i

t

t

t

N

N

N

N

f

m

f

   (A.2)

where 
[image: image47.wmf]i

ss

N

is the steady state population of species i;  Ω is the population updating function through GEEM; 
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 Because the disturbance terms are not correlated, the VAR system is a seemingly unrelated regression model (SUR) with identical regressors, which means that the equations can be estimated separately by ordinary least squares (Greene, 2001). The GAUSS code for the estimation and the R-GEEM matrix values are available upon request.

To analyze the stability of the ecosystem represented in the R-GEEM matrix, we write (A.1) as a first-order model:
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where 
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where I18x18 is an 18x18 identity matrix.

The stationarity condition of R-GEEM dynamics, which is that all eigenvalues of the 54
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54 companion matrix Ф are less than one in absolute value, is satisfied. 

Comparing R-GEEM and GEEM - How closely does the R-GEEM system resemble GEEM system? To answer that question, we first compare the steady state values of the two systems. As we have verified the stability of the R-GEEM dynamics, the steady state values of the system can be calculated by replacing 
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 in equation (A.1) with Nss, then solving for Nss, which gives the formula:

Nss 
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Substituting [C,
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] from the R-GEEM matrix into equation (A.4) yields the steady state values in R-GEEM, which are very close to the steady state values in the GEEM. For all 18 species, the deviation is within 2%. That is, the R-GEEM resembles the GEEM system well in terms of stability and steady state values.

Next, we test whether the impulse response functions in R-GEEM replicate the dynamics of GEEM under various shocks. Following Cogley and Nason (1995), we perform a version of the Q-test by computing the generalized Q statistics, which can be defined as:
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The vectors 
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 represent theoretical impulse response functions from GEEM and R-GEEM, respectively. They are calculated by averaging N (=1000) observations generated by GEEM or R-GEEM. That is,
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where  j = GEEM, R-GEEM and i is the iteration index. 

The generation procedures of the data are as follows: first, 1000 states are randomly chosen. Each state, which includes populations of 18 species is input to GEEM as the starting state. GEEM then runs 10 periods to generate 1000 time series datasets, namely GEEM data. Then the same 1000 random states are input to R-GEEM, and R-GEEM runs 10 periods for prediction so that another 1000 time series datasets, R-GEEM data, are generated. The Q-test compares the resemblance of GEEM to R-GEEM data, or test how well R-GEEM predicts GEEM dynamics.

Unlike the Q-test in Cogley and Nason (1995) in which the covariance matrix is the ensemble average of the outer product of the simulated impulse response functions, in equation (A.5) the covariance is the summation of 
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where j = GEEM, R-GEEM and i is the iteration index. 

The test statistic Q has approximately a 
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 distribution with degrees of freedom equal to the number of elements in r. For the single species test, the distribution is 
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(L) where L is the number of lags, or the number of time periods in each observation. To make sure that GEEM and R-GEEM are similar both in short run and long run, we performed a Q test using a 1-period lag, 3-period lag, 5-period lag, and 10-period lag, respectively. For the complete system test, the distribution is 
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(18*L).

For the resemblance of R-GEEM and GEEM as complete systems, we test two competing hypotheses, H0 and H1, which can be stated as:


HO:  The R-GEEM and GEEM give the same dynamics; 


H1:  The R-GEEM and GEEM do not give the same dynamics.

If Q statistic is bigger than the critical value of
[image: image72.wmf]2

c

(18*L), then HO is rejected in favor of H1, i.e. R-GEEM and GEEM do not give the same dynamics. Otherwise, we cannot reject H0 that R-GEEM and GEEM give the same dynamics. 

Table 1 reports Q statistics for the R-GEEM system under various external shocks. As seen in the table, all statistics are very small compared with the 95% critical values, which means that H0 holds for all models. Note that R-GEEM provides good estimate of GEEM for both large and small perturbations to the system.  Similar econometric analysis can be applied to test single species dynamics. Two competing hypothesis are:

H0:  The R-GEEM and GEEM give the same dynamics for species n; 

H1:  The R-GEEM and GEEM do not give the same dynamics for species n.

If Q statistics is bigger than the critical value of
[image: image73.wmf]2
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(L) where L is the number of lags, then H0 is rejected in favor of H1. H0 holds for all species estimated in R-GEEM for all time lags. In summary, the Q test confirms that R-GEEM is a good reduced form of GEEM and resembles GEEM dynamics under various shocks. 
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Table 1​: Q-test for complete systems

	Number of

Lags(L)
	95%critical value of 
[image: image74.wmf]2

c

(18*L)
	Shock Distribution
	Q Statistics


	Reject H0 at 95% ?

	1
	28.87
	N(0,0.1)
	0.00
	NO

	
	
	N(0,0.3)
	0.00
	NO

	
	
	N(0,0.5)
	0.00
	NO

	3
	72.15
	N(0,0.1)
	0.02
	NO

	
	
	N(0,0.3)
	0.03
	NO

	
	
	N(0,0.5)
	0.24
	NO

	5
	113.15
	N(0,0.1)
	0.05
	NO

	
	
	N(0,0.3)
	0.45
	NO

	
	
	N(0,0.5)
	0.04
	NO

	10
	212.30
	N(0,0.1)
	0.05
	NO

	
	
	N(0,0.3)
	1.94
	NO

	
	
	N(0,0.5)
	1.97
	NO


Table 2. Harvesting Parameters

	Parameter
	Pollock

(4)
	Pacific cod

(13)
	Arrowtooth

flounder (14)
	Crab

(17)
	Small

Flatfish (18)

	pk
	$0.23
	$0.46
	$0.29
	$2.87
	$0.29

	Fishing mortality rate
	0.16
	0.28
	0.04
	0.27
	0.03
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 (vessels or licenses)
	28
	23
	25
	80
	24

	qk
	0.006
	0.014
	0.002
	0.004
	0.001

	ck0
	0.1
	0.1
	0.1
	0.1
	0.1

	ck1
	1.5
	1.5
	1.5
	1.5
	1.5


Figure 1. Food web of an Alaskan near-shore and off-shore marine ecosystem.
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Figure 2  Steady-state populations per km2
Populations are linearly scaled to fit in the same figure (the vertical axis is scaled population units). The height of each color in the bars displays the (scaled) steady-state populations of each species for each management scenario. 
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Figure 3 Steady-state harvesting effort per km2
The height of each color in the bars displays the harvesting effort for each management scenario. (04 = adult pollock, 13 = cod, 14 = arrowtooth flounder, 17 = crab, 18 = small flatfish)
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Figure 4 Steady-state harvests 

The height of each color in the bars displays the harvests in kg for each management scenario.  
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Figure 5 Steady-state aggregate net benefit per km2
The height of each bar displays the net benefits under each management scenario.  
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Figure 6 Steady-state harvesting profits by species per km2
The height of each color in the bars displays the steady state profits by species.  
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Figure 7 Steady-state shadow values 
The height of each color in the bars displays the steady state co-state or shadow values of each harvested species under the management scenarios. 
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� The problem of what species ought be included in the food web is similar to the problem of what sectors to include or what geographic boundaries to draw for an economic computable general equilibrium model. We examined numerous publications from the NMFS to arrive at the species in figure 1, although their composition can be sensitive to temporal and spatial changes. For example, pollock are assumed to be the major prey of Steller sea lions, although this can vary between the EBS and the AI where Atka mackerel are an important prey. The fact that not 100% of a predator’s prey may be represented in the food web is taken into account in parameterization. 


� As R-GEEM is linear then depending on the functional form for the non-market value function Vi there exists the possibility of optimal corner solutions and inequalities in Equation (7).





� �HYPERLINK "http://www.afsc.noaa.gov/refm/docs/2010/economic.pdf"�http://www.afsc.noaa.gov/refm/docs/2010/economic.pdf� 


� �HYPERLINK "http://citeseerx.ist.psu.edu/viewdoc/download;jsessionid=14BE38D7D0335B7DD2546B8B93CBC499?doi=10.1.1.161.5265&rep=rep1&type=pdf"�http://citeseerx.ist.psu.edu/viewdoc/download;jsessionid=14BE38D7D0335B7DD2546B8B93CBC499?doi=10.1.1.161.5265&rep=rep1&type=pdf� 


� �HYPERLINK "http://www.afsc.noaa.gov/REFM/stocks/assessments.htm"�http://www.afsc.noaa.gov/REFM/stocks/assessments.htm� 


� �HYPERLINK "http://www.fakr.noaa.gov/npfmc/membership/plan_teams/CPT/CRABSAFE2010_910.pdf"�http://www.fakr.noaa.gov/npfmc/membership/plan_teams/CPT/CRABSAFE2010_910.pdf� 


� Interim updates of sector and community profiles prepared by Northern Economics, �HYPERLINK "http://www.fakr.noaa.gov/npfmc/misc_pub/misc_pub.htm"�http://www.fakr.noaa.gov/npfmc/misc_pub/misc_pub.htm� 


� �HYPERLINK "http://www.gams.com"�www.gams.com� 


� The comparison of linear and nonlinear estimation of the GEEM system is available upon request.
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